Habitat fragmentation accompanies habitat loss, and drives additional biodiversity change; but few global biodiversity models explicitly analyse the effects of both fragmentation and loss. Here we propose and test the hypothesis that, as fragment area increases, species density (the number of species in a standardised plot) will scale with an exponent given by the difference between the exponents of the species-area relationships for islands (z ~ 0.25) and in contiguous habitat (z ~ 0.15), and test whether scaling varies between land uses. We also investigate the scaling of overall abundance and rarefaction-based richness, as some mechanisms make different predictions about how fragment area should affect them. The relevant data from the taxonomically and geographically broad PREDICTS database were used to model the three diversity measures, testing their scaling with fragment area and whether the scaling exponent varied among land uses (primary forest, secondary forest, plantation forest, cropland and pasture). In addition, the consistency of the response of species density to fragment area was tested across three well represented taxa (Magnoliopsida, Hymenoptera and 'herptiles'). Species density and total abundance showed area-scaling exponents of 0.07 and 0.16, respectively, and these exponents did not vary significantly among land uses; rarefaction-based richness by contrast did not increase consistently with area. These results suggest that the area-scaling of species density is driven by the areascaling of total abundance, with additive edge effects (species moving into the small fragments from the surroundings) opposing -but not fully overcoming -the effect of fragment area on overall density of individuals. The interaction between fragment area and higher taxon (plants, vertebrates and invertebrates), which remained in the rarefied richness model, indicates that mechanisms may vary among groups.
Introduction
Land-use change is the dominant pressure that threatens terrestrial species with global extinction (Brummitt et al. 2015, Ducatez and Shine 2017) , and conversion of natural habitat to human use tends to reduce the species diversity of local ecological assemblages (Gibson et al. 2011 , Murphy and Romanuk 2014 , Newbold et al. 2015 . Land conversion also often leads to habitat fragmentation (i.e. breaking apart of habitat, 'fragmentation per se' sensu Fahrig 2003) , which can cause impacts to biodiversity additional to those arising from habitat loss (which is also entailed by habitat fragmentation; Ewers and Didham 2006) . Fragments have smaller populations (Connor et al. 2000) , which may be isolated from those in other fragments (Wilcove et al. 1986 , Fahrig 2003 ; and edge effects can cause both loss of specialist species from the fragment (Murcia 1995 , Ewers and Didham 2006 , Laurance et al. 2011 ) and influx of generalists from the matrix (Gascon et al. 1999) . These effects can alter the functioning of ecosystem fragments (Cardinale et al. 2006 , Winfree et al. 2015 and potentially the ecosystem services they can provide (Millennium Ecosystem Assessment 2005 , Díaz et al. 2006 ) -a concern given the importance of ecological spillover between natural and managed fragments (Blitzer et al. 2012) . However, syntheses of the effects of land conversion often ignore fragmentation (Gibson et al. 2011 , Murphy and Romanuk 2014 , Newbold et al. 2015 , or do not consider it fully (Alkemade et al. 2009 ), meaning that global estimates of land-use impacts on biodiversity may be biased. Likewise, syntheses of fragmentation effects often fail to separate effects of fragment size from effects of the area sampled and sampling effort: because larger fragments are often sampled more intensively and over a wider area, the effect of fragment area on diversity in a standardised plotas opposed to fragment-wide diversity -remains an open question. Investigating this effect therefore has the potential to not only improve understanding of the biotic consequences of fragmentation but also to improve global models of how land-use change affects local biodiversity.
Consideration of species-area relationships (SARs) suggests that species density may not scale strongly with fragment area. To see why, consider two fragments (f ) lying on the SAR for islands (solid black line in Fig. 1 ), such that their species-richness (S) scales with area (A) according to a power law, leading to a linear relationship in log-log space:
Here f denotes the log of species richness for the fragment and a the log of fragment area. Within each fragment, the number of species found in surveys of less than the total area is given by the continental SAR (which is known as the species accumulation curve if the areas are nested; dashed black lines in Fig. 1 ), which is expected to be shallower than the island SAR (Rosenzweig 1995 , Halley et al. 2014 :
Here p denotes the log of species richness for the plot and b the log of plot area. For each fragment, its continental SAR must join up with the overall fragment diversity when the whole fragment is surveyed (circles in Fig. 1 ).
To predict the number of species found in a standardised plot -species density -it is convenient to consider a plot of unit area. Then, a fragment's species density is its intercept in Fig. 1 . Furthermore, the predicted exponent for the species density-area relationship (SDAR) is given by subtracting z c from z i (see blue line in Fig. 1 ). Rosenzweig (1995) argued that z i is around 0.25-0.33 and z c around 0.13-0.18, which would yield an SDAR exponent in the range 0.07-0.20, perhaps low enough to explain why few habitat fragmentation studies report a significantly positive exponent (Hambäck et al. 2007 , Giladi et al. 2014 ). The SDAR exponent may be even lower than this: Drakare et al. (2006) found that, in their compilation of species-area scaling relationships, continental SARs could be steeper than island SARs, rather than less steep as assumed by Rosenzweig (1995) , which would predict that species density is higher in smaller fragments. Because such a prediction is counterintuitive, and because Drakare et al. (2006) crucially did Figure 1 . The species density-area relationship (SDAR). A plot of unit area in a large fragment (f 2 ) is expected to contain more species (S) than a plot of the same size in a smaller fragment (f 1 ). Overall species richness of each fragment is expected to scale with area according to the island SAR (solid black line) with slope z i . Within each fragment, the number of species found within a plot depends on plot size according to the continental SAR (dashed black lines) with slope z c ; island and continental SARs meet when the plot size equals the fragment size (circles). Species-richness in a unit-area plot in each fragment is given by the intercept of the fragment's continental SAR; thus, the area-scaling of species density is shown by the solid blue line. This can be understood as follows. The difference between the log species richness of the two 1 m 2 -plots, p 2 -p 1 , is given by f 2 -f 1 -z c (a 2 -a 1 ). By Eq. 1 we see that f 2 -f 1 = z i (a 2 -a 1 ), which means that the difference is (z i -z c ) (a 2 -a 1 ). Thus, the difference in log species richness is proportional to the difference in log area multiplied by z i -z c , which corresponds to slope of z i -z c for the scaling with island area.
not compare island SARs with the continental SARs within those same islands, here we test whether the exponent of the SDAR is within the range 0.07-0.20.
Many processes can influence how the number of species sampled from a plot scales with the area of the habitat fragment in which the plot is situated (Table 1) . Most straightforwardly, as mentioned previously, the plot area sampled by researchers often increases with fragment size (Hill et al. 1994) , and larger fragments often receive a greater sampling effort (Table 1a ; Holt 1992 , Rosenzweig 1995 ; these sampling differences mean that without correction or standardised sampling, neither plot-level nor fragment-level species richness is a good estimate of species density (Cam et al. 2002 , Azovsky 2011 , Karger et al. 2014 . Maintaining equal sampling effort and design between fragments (Holt 1992 , Whittaker et al. 2001 , Ross et al. 2002 , Azovsky 2011 , Karger et al. 2014 guards against this effect and focuses on how species density scales with fragment area, a relationship we term the species density-area relationship (SDAR) -also known as a density-SAR (D-SAR; Giladi et al. 2014) . Three mechanisms could contribute to higher species density in larger fragments. Firstly, larger fragments may support higher alpha diversity through having a larger number of viable niches than do smaller fragments (Table 1b) (Fischer and Lindenmayer 2007) . However, if the underlying SAR is dominated by spatial turnover (e.g. the species habitat area relationship: Triantis et al. 2003) , then the SDAR may be flatter, especially if the sampling plots are too small to capture beta diversity (Schoereder et al. 2004 ; Table 1c ). Secondly, if larger fragments support a higher density of individuals irrespective of species (Connor et al. 2000 , Debinski and Holt 2000 , Pardini et al. 2005 , Struebig et al. 2008 , their samples may contain more species than those from small fragments through capturing more of the species abundance distribution (Table 1d ). Finally, smaller fragments are under greater pressure from edge effects which extend into the fragment (Schneider-Maunoury et al. 2016) , reducing habitat quality and thereby reducing the numbers of species and individuals in a unit area (Banks-Leite et al. 2010 ; Table 1e ), a process we refer to as a subtractive edge effect. The SDAR may be flat if smaller fragments support a lower overall density of individuals; and an influx of species adapted to the surrounding matrix (Cook et al. 2002 , Hambäck et al. 2007 ) -an additive edge effect -could disproportionately increase species density estimates from small fragments ( Table 1f ) .
The processes depicted in Table 1 should affect other diversity metrics as well as species density, raising the prospect that the processes in play might be identified by considering a broader set of metrics. For example, if larger fragments have more viable niches (Table 1b) , samples taken there will not only include more species overall, but also more species in a given number of individuals (rarefaction-based richness). If, instead, larger fragments simply support a higher density of individuals (Table 1d , e), rarefaction-based richness would be expected to be the same as for smaller fragments. The importance of the matrix has sometimes been underestimated in studies of fragmentation -a legacy from island biogeography theory (MacArthur and Wilson 1967) -but many species are able to survive within the human-dominated land uses that surround more natural fragments (Wiens 1995 , Koh and Ghazoul 2010 , Mendenhall et al. 2014 , making it likely that exchange of species across habitat edges will influence fragment biodiversity (Pardini et al. 2010) . Such exchanges will also influence diversity of fragments of low-diversity habitat (e.g. cropland) surrounded by a matrix of high-diversity habitat; even though the matrix may be a 'sink' habitat for many fragment species, with samples including species that would not persist but for the 'source' fragment nearby (Pereira and Daily 2006) . In general, the effect of such exchanges on the SDAR will depend on the relative numbers of species adapted to fragment and matrix habitats, and the degree of overlap between these sets of species (Cook et al. 2002) . In fragments with few species adapted to them, the influx from neighbouring high-diversity habitat could constitute a high proportion of the total species, especially in small fragments, potentially leading to a negative SDAR (Fahrig et al. 2015) . Analysing the SDARs for different land uses is therefore of interest (Öckinger et al. 2010 (Öckinger et al. , Giladi et al. 2014 .
The SDAR may also depend on the taxa studied, as effects from fragmentation might not be equal across taxonomic or ecological groups (Gascon et al. 1999 , Watling and Donnelly 2006 , Hambäck et al. 2007 ). Opportunist species, for example, may benefit from fragmentation (Struebig et al. 2008 , Leal et al. 2012 , and negative effects might take longer to appear in taxa having long generation times (Holt 1992 , Halley and Iwasa 2011 , Helm et al. 2006 . This study uses data from the PREDICTS database (Hudson et al. 2014 (Hudson et al. , 2017 , a global compilation of biodiversity comparisons across sites facing different land-use pressures, to answer three main questions. First, when unequal sampling is excluded (Table 1a) , how does species density vary with fragment size across different land uses? Do all land uses show similar area-scaling, or do the human-modified land uses show a negative SDAR? Second, does considering multiple facets of biodiversity -total abundance and rarefied richness as well as species density -shed light on which mechanisms (Table 1b-f ) underpin SDARs? Third, are these responses consistent among well represented taxa that differ in their life histories (Hymenoptera, Magnoliopsida and 'herptiles'; consisting of Anura, Caudata and Squamata)? Models of the effects of land-use change on biodiversity have an important role to play in helping policymakers and decision makers towards sustainable routes for development (IPBES 2016) as human pressures continue to increase (Millennium Ecosystem Assessment 2005 , Tilman et al. 2011 , Laurance et al. 2014 ). However, existing models are simplistic in their treatment of fragmentation, either assuming it applies only to some taxa (Alkemade et al. 2009) or not considering it explicitly at all (Newbold et al. 2015 ) -even though its importance has repeatedly been demonstrated (Wilcove et al. 1986 , Fahrig 2003 , Bailey et al. 2010 . If species density is not significantly affected by fragment area, then results of existing models that focus on species richness (Alkemade et al. 2009 , Newbold et al. 2015 as a response metric may not vary greatly if fragment area is incorporated fully. However, if fragment area affects biodiversity through other mechanisms, such as changes in abundance, then incorporation of fragment area into existing models could impact results (Newbold et al. 2016a) . Better characterizing how fragment size mediates the effect of land use on site-level diversity, in multiple taxonomic groups, provides a basis for improving the treatment of fragmentation in such models.
Methods

Data selection
The PREDICTS database, described in full by Hudson et al. (2014 Hudson et al. ( , 2017 , is a collection of biodiversity data from published sources that each compared community assemblages at multiple terrestrial sites facing different kinds and/or intensity of land use and related pressures. Data from a single published paper is collated as a source. When a source makes data available from multiple surveys that used different methodologies, its data are split accordingly to yield a single study for each sampling method. Each study contains a set of sites (range = 3-126, median = 13.5) where biodiversity was sampled. Each site was classified into one of nine land use types, defined in Hudson et al. (2014) : primary vegetation, mature secondary vegetation, intermediate secondary vegetation, young secondary vegetation, secondary vegetation (unknown age), plantation forest, pasture, cropland, or urban (though no urban sites met all of our criteria: see below).
In June 2016, data were selected from the PREDICTS database using the following criteria. a) The study reported the sizes of the habitat fragment within which each site was located (range = 0.001-1225 km 2 , median = 0.46 km 2 ; Fig. 2 ). The definition of fragment area depended on landuse category: in primary vegetation, secondary vegetation (all classes) and plantation forest, the area of the fragment was bounded by a matrix of another land use type. In pastures and croplands, the area was the size of the field bounded by a field margin. b) Within the study, fragment area varied among sites within each land use category. This criterion ensures that data came from multiple fragments, although it does not rule out the possibility that some studies might have multiple sites within a single fragment. Because there was no significant effect of fragment area on a site's distance to its nearest neighbour (result not shown), any pseudoreplication caused by such duplication is likely to be minimal. c) Sampling effort was identical across all sites within a study. Sampling effort was measured as both sampling intensity (the number of times a plot was sampled or the duration of sampling) and the size of the sampling plot (measured as the maximum linear distance within a sampled area; median = 50 m, inter-quartile range = 20-71 m). d) The data referred to species (rather than, e.g. families). e) Data collection was not focused on a single species. In total, 38 studies from 29 sources met our criteria for inclusion (Fig. 3) .
Biodiversity measures
We estimated three measures of site-level biodiversity. Species density was taken to be the number of species reported as present at the site. When the original biodiversity data took the form of counts of individuals within each species, we used rarefaction within each study to produce estimates of site-level species richness that were independent of differences in total abundance and hence less sensitive to sampling (Magurran 2004) : rarefied richness was calculated as the mean number of species found across 1000 random samples of n individuals, where n was the minimum number of individuals at any site within the study. When the original data were any kind of abundance measure, total abundance at each site was calculated as the sum of abundances of all species present. Species-density estimates were available for 791 sites from 19 countries (Fig. 3) . Total abundance could be calculated for 730 of the sites, and rarefied species richness could be calculated for 494.
Each study's taxonomic focus ('higher taxon') was classified as either invertebrates, vertebrates or plants, to account for differences among the major groups within the models. Ten studies contained species from only a single family, nine more were restricted to a single order, nine more to a single class, six to a phylum, while four included species from more than one phylum. 
Modelling
Mixed-effects models were used to account for the nested and heterogeneous nature of the data (Bolker et al. 2009 , Zuur et al. 2009 ). To estimate the area-scaling of each sitelevel response variable, we modelled them as a function of land use, fragment area (which, for this analysis, was log e -transformed, centred to give a mean of zero, and scaled to give a standard deviation of 1), higher taxon, and all two-way interactions (fixed effects). All models had intercept-only random effects of studies nested within sources. Models of species density and rarefied richness were fitted with poisson errors (rounding non-integer values for rarefied richness); these models used a log-link between the response and predictor variables (Crawley 2012) , meaning that predicted values are on a natural logarithmic scale, consistent with Eq. 1 and 2. The species-density model contained an observation-level random effect to account for the observed over-dispersion (Harrison 2014) , which was not needed in the models of rarefied richness. Site total abundance was log e -transformed and modelled with gaussian errors.
To assess the consistency of how species density scales with fragment area in different taxa, we separately modelled the three groups -Hymenoptera, Magnoliopsida and 'herptiles' (consisting of Anura, Caudata and Squamata) -with enough data to permit fitting of within-taxon models. These smaller data sets necessitated coarsening land use into two categories -natural (containing all primary and secondary vegetation categories) and human-dominated (containing plantations, croplands and pastures). The fixed effects in each of these three models included the interaction between fragment area and land use (natural vs human-dominated), and the random-effects structure as in the previous species-density model, except that only the Magnoliopsida required an observation-level random effect for overdispersion.
The fixed-effect structures of all models were simplified using backwards stepwise selection based on log-likelihood values, which has been shown to perform well (Murtaugh 2009 ). Interacting variables were removed first if p  0.01, followed by any single variables that were not involved in remaining interactions and where p  0.01 (Zuur et al. 2009 ). However, as we were particularly interested in the scaling with fragment area, and had a priori reason to expect it to be small, the main effect of fragment area was never removed during model simplification.
All analyses were conducted in R (R Core Team) using the lme4 package (Bates et al. 2015) for mixed-effects modelling. Marginal and conditional R 2 values were calculated using the r.squaredGLMM function in 'MuMIn' (Barton 2016) .
Data deposition
Data available from the Natural History Museum's Data Portal:  http://dx.doi.org/10.5519/0089190  (Phillips et al. 2017) .
Results
Area-scaling of diversity
The scaling exponent of within-sample species-density on fragment area ranged from 0.01 in primary vegetation to 0.32 in young secondary vegetation (Table 2a , Supplementary material Appendix 1 Fig. A1a ) but this variation among land uses was not statistically significant (Table 3a) . The interaction between fragment area and higher taxon was also non-significant (Table 3a) , so model simplification resulted in a model with a pooled scaling exponent of 0.078 (95% confidence interval = 0.046-0.11; Table 2a ) plus significant additive effects of land use and higher taxon (Table 3a) .
In the rarefied richness model, higher taxon interacted significantly with fragment area. Fragment area scaling did not differ significantly among land uses (Table 3b ; Supplementary material Appendix 1 Fig. A1b ), but land use remained in the model with a significant additive effect. For invertebrates (the category of higher taxon with the most data), rarefied richness scaled negatively but non-significantly with fragment area (slope = -0.02, 95% CI = -0.065 to 0.025, p-value  0.01; Table 2b ). Rarefied richness scaled positively with area in the other two higher taxa, significantly so in plants (plants: slope = 0.061, 95% CI = 0.008 to 0.113; vertebrates: slope = 0.112, 95% CI = -0.024 to 0.359).
The model for overall abundance had a marginally nonsignificant interaction between fragment area and land use (Table 3c ; note we are using α = 0.01 for interaction terms), mainly driven by a strongly positive area-scaling in young secondary vegetation (though slope estimates are positive in all land uses: Supplementary material Appendix 1 Fig. A1c ). Model simplification resulted in the removal of all interactions except that between land use and higher taxon; all main effects remained. Fragment area was a significant main effect (Table 3c) , with a pooled slope across the land uses of 0.16 (95% CI = 0.083-0.23; Table 2c ).
Within-taxon models
None of the three within-taxon models of species-density had a significant interaction between fragment area and habitat type (Table 3d -f, Supplementary material Appendix 1 Fig. A2 ). Fragment area was a significant predictor of species density in Magnoliopsida (slope = 0.079, 95% CI = 0.033 to 0.13; Table 2e ) and 'herptiles' (slope = 0.44, 95% CI = 0.25 to 0.63; Table 2f ), but not in Hymenoptera (slope = 0.02, 95% CI = -0.16 to 0.2; Table 2d ). Simplification of the Magnoliopsida model also resulted in the removal of habitat as a main effect (Table 3e ).
Discussion
The main result from this study is that species density scales positively with the area of the habitat fragment within which the sample is taken, with a scaling exponent, z, of 0.078 (95% confidence interval 0.046 to 0.109; Table 2a ; Supplementary material Appendix 1 Fig. A1a ). This exponent is small enough to explain why few previous studies have reported significant area-scaling of species density, but is consistent with our expectation from species-area relationships (z between 0.07 and 0.20; see Introduction). As care was taken to exclude studies where sampling effort or the size of the sample plot may have varied among sites, this effect is not an artefact of more extensive fragments being sampled either more extensively or more intensively (Hill et al. 1994) .
Why do standardised samples taken from larger fragments tend to contain more species? Tellingly, samples from larger fragments also tended to have more individuals (though the extent to which they did depended somewhat on land use: Supplementary material Appendix 1 Fig. A1 ) but, at least for the higher taxa with the most data (invertebrates and vertebrates), did not have significantly more species for a given number of individuals (i.e. rarefied richness; Table 2 ). This combination of results strongly suggests that the effect of area on within-sample species density is mediated by larger fragments supporting a higher density of individuals (Table 1d) , perhaps through a subtractive edge effect (Table 1e ; Didham 2006, Schneider-Maunoury et al. 2016) . The other mechanisms sketched in Table 1 are less likely because they make predictions that conflict with our results of how area affects one or more of within-sample density (Table 1c , f ), rarefied richness (Table 1b , c, f ) or abundance (Table 1f ) .
The slight -but non-significant -negative relationship between rarefied richness of invertebrates and fragment area is consistent with an additive edge effect, i.e. movement of individuals of matrix-adapted species into the fragment Table 2 . Estimates with confidence intervals for the intercepts of land use and slope of fragment area for models of (a) species density, (b) rarefied richness, (c) total abundance, and species density models based on subsets of the dataset containing (d) Hymenoptera, (e) Magnoliopsida, and (f) 'herptiles'. For models (a)-(c) land use is divided into primary vegetation, mature (MSV), intermediate (ISV), young (YSV) secondary vegetation, secondary vegetation (SV) of unknown age, plantation forest, pasture and cropland. For the within-taxon models (d-f), land use is split into natural (all primary and secondary vegetation), and human-dominated (remaining land uses). When applicable (Table 3) , all estimates are given for the reference level of higher taxa, 'invertebrates'. R 2 values (marginal and conditional) calculated using the R package 'MuMIn'.
Model
Land (Table 1f ; Cook et al. 2002) . If this mechanism acted alone, however, then within-sample density would scale negatively with fragment area, rather than positively as our results indicate. We therefore infer that additive edge effects may be opposing -but not fully overcoming -the effect of fragment size on density of individuals, thereby flattening the areascaling of within-sample species density. If additive edge effects are particularly strong in Hymenoptera, they could explain the group's much less steep (and non-significant) area scaling of species-density (Table 2d ). The Hymenoptera data are primarily from bees (Apoidea) and ants (Formicidae). Bees are known to prefer more open habitats (Winfree et al. 2009 ) and therefore might prefer smaller fragments. The relatively flat slope remained even when only ants were modelled (analysis not shown), however. Ants have been shown previously to have higher species density within smaller fragments of natural habitat due to the increase of opportunistic and generalist species (Gibb and Hochuli 2002) . Grouping species by functional role or traits may be more insightful (Leal et al. 2012 ) than the taxonomic groupings we have analysed here, perhaps shedding more light on the underlying mechanisms. For example, habitat generalist bird species have been found to outcompete habitat specialists in small forest fragments (Matthews et al. 2014) ; and bee communities in fragmented habitats can lose the small and dietary specialist species while retaining the larger dietary generalists (Bommarco et al. 2010) .
The consistency among land uses in how the measures of diversity we considered (especially species density and rarefied richness) scaled with fragment area was unanticipated, as we had expected that human-dominated land uses would have a flatter -perhaps even negative -slope. Previous studies have shown that, within agricultural settings, samples taken within smaller fields with more nearby semi-natural habitat (e.g. hedges and field margins) have higher within-sample species richness (Vickery et al. 2009 , Holzschuh et al. 2010 , Batáry et al. 2012 , Fahrig et al. 2015 but see Benton et al. 2003 ). This effect is additional to any of the landscape-scale biodiversity benefits of land-use heterogeneity Daily 2006, Fahrig et al. 2011 ) typically modelled using alternative frameworks (e.g. countryside-SAR; Pereira and Borda-de-Água 2013) . The similarity of slopes between agricultural and more natural settings is therefore unexplained. One possible explanation is that samples from larger fields and meadows may have been collected from nearer to the edge, where diversity might be greater (Batáry et al. 2012) , possibly due to additive edge effects (similar to Table 1f ). We are unable to test this possibility as we lacked sufficient data on distances between cropland or pasture sites and the nearest edge of the field or meadow within which they lay.
Any changes in the slope of the underlying SAR will impact the scaling of within-sample diversity to fragment area. For instance, the effect of fragmentation on biodiversity is a dynamic process, with responses potentially unfolding over many decades (Vellend et al. 2006 , Krauss et al. 2010 , Ewers et al. 2013 , Cronk 2016 . The post-fragmentation relaxation of species-richness in natural habitats takes longer in larger fragments (Halley et al. 2016) , meaning that the exponent of the SDAR might change over time -steepening initially as smaller fragments repay their extinction debts first, and then flattening as even the larger fragments attain the new post-fragmentation equilibrium. However, the spatial comparisons we have analysed here can shed little light on these dynamics, especially when the time since fragmentation is not known; this shortfall highlights the need for more temporal data (Ewers et al. 2011 , Haddad et al. 2015 . Another possibility is that the slope of the SAR could also vary with latitude. Some studies (although not all; Triantis et al. 2012 ) have found steeper SAR slopes in tropical regions (Drakare et al. 2006 , Qian et al. 2007 ), where endemism is more prevalent (Qian et al. 2007 ). The comparison between the SDAR slopes from sites in temperate and tropical regions would be an interesting avenue to explore further, but has not been possible in this analysis due to the relatively small dataset and the slight bias towards tropical studies. Although the PREDICTS database holds over 26 000 sites where biodiversity has been recorded (Hudson et al. 2017 ), relatively few were suitable for this study. Most studies in the database lack sufficiently detailed explicit information on sizes of habitat fragments or about details of sampling (Hudson et al. 2017) . Remotely-sensed data can be used to quantify fragmentation (Wade et al. 2003 , Haddad et al. 2015 which -when combined with site-level data such as in the PREDICTS database -could be a valuable research resource. Of those studies within the database that did provide fragmentation information, many had varied some aspect of sampling -the sampling effort, the area within the sampling frame, or both -across the different land uses or among habitat fragments. Incorporating such studies into our analysis would have introduced non-biological reasons for an apparent area scaling of biodiversity (Table 1a ; see also Hill et al. 1994) .
The biodiversity in local ecological assemblages is strongly affected by habitat fragmentation (Hambäck et al. 2007 (Hambäck et al. , Öckinger et al. 2010 ) and land-use change (Newbold et al. 2016b) , making it important to understand how fragment size and land use interact to shape local diversity. Our analyses of carefully-matched site-level data on ecological assemblages in habitat fragments of different sizes show that fragment size, as well as land use, affects levels of local diversity even in standardized samples: larger fragments have greater densities of individuals and therefore of species. The relationship of species density to area has a slope close to the lower bounds of the theoretical expectation of 0.07 to 0.20 -the difference between the scaling exponents of the continental and island-SARs -though not all taxa studied show this scaling. Contrary to our expectations, the area-scaling of species density was no less steep in highly human-modified land uses than in more natural habitats. Given today's highly-fragmented state of nature (Haddad et al. 2015) , a key question for future research is how the area-scaling of species density and abundance influences the community structure and ecosystem function at a site. Changes in the dominance-rarity structure, especially if mediated by functional traits, could markedly affect local functional diversity, suggesting that the functional diversity-area relationship (Smith et al. 2013) may be an important key to understanding how fragmentation affects ecosystems.
